Abstract Microbial processes govern the fate of organic contaminants in aquifers to a major extent. Therefore, the evaluation of in situ biodegradation is essential for the implementation of Natural Attenuation (NA) concepts in groundwater management. Laboratory degradation experiments and biogeochemical approaches are often biased and provide only indirect evidence of in situ degradation potential. CompoundSpecific Isotope Analysis (CSIA) is at present among the most promising tools for assessment of the in situ contaminant degradation within aquifers. One-and two-dimensional (2D) CSIA provides qualitative and quantitative information on in situ contaminant transformation; it is applicable for proving in situ degradation and characterizing degradation conditions and reaction mechanisms. However, field application of CSIA is challenging due to a number of influencing factors, namely those affecting the observed isotope fractionation during biodegradation (e.g., non-isotope-fractionating rate-limiting steps, limited bioavailability), potential isotope effects caused by processes other than biodegradation (e.g., sorption, volatilization, diffusion), as well as non-isotope-fractionating physical processes such as dispersion and dilution. This minireview aims at guiding practical users towards the sound interpretation of CSIA field data for the characterization of in situ contaminant degradation. It focuses on the relevance of various constraints and influencing factors in CSIA field applications and provides advice on when and how to account for these constraints. We first evaluate factors that can influence isotope fractionation during biodegradation, as well as potential isotope-fractionating and non-isotope-fractionating physical processes governing observed isotope fractionation in the field. Finally, the potentials of the CSIA approach for site characterization and the proper ways to account for various constraints are illustrated by means of a comprehensive CSIA field study at the benzene, toluene, ethylbenzene, and xylene (BTEX)-contaminated site Zeitz.
Introduction
Microbial degradation is a major process affecting the fate of contaminants in aquifers. Physical processes such as dispersion, dilution, sorption, diffusion and volatilization may also contribute to concentration decrease, but do not lead to a real reduction of contaminant mass within contaminated aquifers. Therefore, the evaluation of in situ microbial activity and biodegradation is essential for the implementation of Natural Attenuation (NA) concepts as reliable and cost-efficient strategies in groundwater management (US EPA 1999; NRC 2000; UK-EA 2000; SYKE 2006; Michels et al. 2008; LABO 2009 ).
Degradation experiments with laboratory microcosms are often applied in order to obtain information on in situ biodegradation (Strevett et al. 2002; Madsen 2005) . However, these studies are time-consuming, and are also biased by the fact that laboratory conditions often differ from the natural environmental conditions. They may show degradation potentials but cannot prove in situ degradation activity in aquifers directly. Conventional methods for direct assessment of in situ biodegradation rely on the laborious quantification of substrate and degradation product mass balances or complex electron donor-acceptor balances (Clement et al. 2002; Bombach et al. 2010) . However, tracing the fate of single compounds in contaminant mixtures is challenging or even impracticable in complex heterogeneous field environments, where several electron donor-acceptor interactions compete and compounds can be both substrates and products (Bombach et al. 2010) .
Compound-Specific Isotope Analysis (CSIA), which has been developed mainly within the last two decades, is among the most promising tools for assessing the in situ biodegradation within aquifers and is recommended for this purpose by environmental agencies and experts (for earlier reviews and guidelines, see Meckenstock et al. 2004; Schmidt et al. 2004; Elsner et al. 2005; US EPA 2005 , 2008 Kästner et al. 2006; Blessing et al. 2008; Aelion et al. 2010; Eisenmann and Fischer 2010; Elsner 2010; Hofstetter and Berg 2011; Thullner et al. 2012) . As summarized there, numerous studies have demonstrated that CSIA is applicable for assessment of in situ degradation of the most abundant groundwater contaminants, namely aromatic (e.g., benzene, toluene, ethyl benzene, and xylenes (BTEX)) and chlorinated hydrocarbons (e.g., tetrachloroethene (PCE), trichloroethene (TCE), dichloroethenes (DCEs), vinyl chloride (VC)), as well as fuel oxygenates such as methyl tert-butyl ether (MTBE). The method is also valuable for identifying the source of contaminants in the subsurface and tracing their migration (environmental forensics) (Harrington et al. 1999; Hunkeler et al. 2004; Boyd et al. 2006; Eberts et al. 2008; Mancini et al. 2008a) . Isotope signatures of organic compounds vary due to different original oil sources and production procedures (Sun et al. 2003 ) and thus exhibit a broad range for a single commercially available compound (Harrington et al. 1999; Hunkeler et al. 2001; Smallwood et al. 2001; Shouakar-Stash et al. 2003) . Two or more isotopic elements are measured for legally robust identification of contaminant sources (Höhener and Aelion 2010) , which is crucial to face scrutiny in court in liability cases. In the field, CSIA can be used for assigning individual regions of plumes to suspected source zones and for elucidating complex contamination scenarios Eberts et al. 2008; Mancini et al. 2008a; Blessing et al. 2009 ). Due to the broadness of the topic, we focus on the application of CSIA for assessment of in situ contaminant biodegradation in this minireview; isotope forensics will not be highlighted.
The application of CSIA for proving and characterizing in situ biodegradation of organic contaminants relies on two main assumptions: (1) only biodegradation leads to a significant change in isotopic composition, while the impact of physical processes (e.g., sorption, volatilization) on observed isotope fractionation is negligible (Bombach et al. 2010) , and (2) changes in contaminant concentrations due to biodegradation are systematically associated with changes in isotope ratio according to the Rayleigh equation (Eq. 3), following from the specific degradation conditions and mechanism. However, the reality of CSIA application in complex field environments may often not be as straightforward. Additional factors governing the magnitude of observed isotope fractionation associated with biodegradation may complicate data interpretation, e.g., the variability of isotope fractionation factors for the same reaction mechanism, bioavailability restrictions, and nonisotope-fractionating rate-limiting steps during biotransformation. On the other hand, profound analysis of the connection between observed and intrinsic isotope effects, as well as the relationship between isotope fractionation of two or more elements within the same molecule (two-dimensional (2D) CSIA), can provide a deeper insight into reaction mechanisms. Furthermore, the isotope effects associated with physical processes such as diffusion, volatilization, and sorption may in some cases not be negligible (LaBolle et al. 2008; Kopinke et al. 2005a; Kuder et al. 2009; Bouchard et al. 2008a, b) . It may even be difficult to account for the impact of non-isotopefractionating processes on observed contaminant concentrations and isotope ratios in aquifers, such as dilution/dispersion/mixing and dissolution from non-aqueous phase liquid (NAPL) sources (Fischer et al. 2007; Morrill et al. 2009; Green et al. 2010) . For application of the Rayleigh equation in open field systems, the definition of a hypothetical "closed system" is of critical importance for quantification of biodegradation (Thullner et al. 2012) .
The development of CSIA approaches has been very rapid in recent years, in particular concerning the identification of factors determining the observed isotope fractionation in the field, the elucidation of degradation mechanisms, and new approaches for the interpretation of field isotope data. Thus, not only the potential but also the complexity of CSIA application is increasing. The multitude of potential influencing factors and constraints, as well as emerging sophisticated evaluation schemes for field isotope data can overwhelm the nonspecialist user of CSIA, as their relevance in CSIA field applications is difficult to assess. Therefore, this mini-review aims at guiding practical users of CSIA in contaminated site assessment and NA monitoring towards the sound interpretation of field data. It focuses on the relevance of different constraints and influencing factors in field applications and gives advice on how to account for them. We first give short overviews of the theoretical background, data acquisition and interpretation, before discussing the relevance of factors influencing observed isotope fractionation during biodegradation, also including a brief outline of the potential of CSIA for elucidation of degradation mechanisms. We then evaluate the potential impact of isotope-fractionating and non-isotope-fractionating physical processes governing observed isotope fractionation in the field, thus providing the practical user with decision support, and sharpened awareness for the relevance of these processes. A comprehensive field survey including application of CSIA at the contaminated field site Zeitz/Germany is presented, illustrating the potentials of the CSIA approach for site characterization and the proper ways to account for the previously discussed constraints. The conclusion summarizes important rules for sound interpretation of field isotope data. The presented mini-review is specifically addressed to users with a background in environmental sciences applying CSIA in contaminated site assessment. It aims at distilling the current state of knowledge on factors and processes influencing isotope fractionation in the field from the extensive body of literature. This is in contrast to the recent review by Thullner et al. (2012) focusing in more detail on the theoretical and mathematical background and statistical uncertainties of the CSIA method and therefore addressing more expert readers. Moreover, this mini-review will not highlight the analytical basics of CSIA which are addressed in recent reviews by Schmidt et al. (2004) and Blessing et al. (2008) . Only minor attention is paid to the theory behind elucidation of reaction mechanisms, which is presented in detail elsewhere Elsner 2010 ; Hofstetter and Berg 2011); we will confine our focus to the practical applicability at contaminated field sites.
Theoretical background of CSIA
Elements are defined by the number of protons in the nucleus; protons and neutrons together determine the atomic weight. Elements naturally occur with different numbers of neutrons, and therefore different atomic weights, but practically identical chemical characteristics: These are termed isotopes. Molecules that differ only in their isotopic composition are called isotopologues. Most environmentally relevant elements (e.g., H, C, N, O, S, Cl) have at least two stable isotopes, with the lightest isotope being most abundant in the majority of cases (Höhener and Aelion 2010). Thus, chemical compounds-and therefore also environmental contaminants-exhibit a certain stable isotope ratio R, which can be expressed as the ratio between the concentration of the heavy, h c, and the light isotope, l c, with the total compound concentration given by c tot 0 h c+ l c (Mariotti et al. 1981; Thullner et al. 2008) . Isotope compositions are reported relative to international standards in the dimensionless δ-notation (Coplen 2011) , often in parts per thousand (‰) (Eq. 1). For example, the carbon isotope ratio is reported relative to the Vienna-PeeDee-Belemnite-Standard (V-PDB) with 13 C/ 12 C0(11,179.60±28)×10
−6 (Zhang and Li 1990; Coplen 2011) , and the hydrogen isotope ratio relative to the Vienna-Standard-Mean-Ocean-Water (V-SMOW) with (Craig 1961; Hagemann et al. 1970; Gonfiantini et al. 1995 ) (Eq. 1).
CSIA performed on organic contaminants taking part in biotransformation reactions can provide information on biodegradation because these reactions discriminate between isotopes, a process known as kinetic isotope fractionation. If the contaminant concentration is reduced due to microbial degradation, the specific reaction rate often differs between the light and heavy isotope, a phenomenon referred to as the kinetic isotope effect (KIE). The KIE can be expressed by the isotope fractionation factor α defined as Eq. 2:
with h r and l r as the reaction rates of the heavy and light isotope, respectively. Usually molecules containing the heavier isotope react more slowly than those containing the lighter isotope, yielding typical α values smaller than 1. Due to the preferential transformation of molecules containing the lighter isotope, molecules bearing a heavy isotope will accumulate in the residual reactant fraction. For the simplified case of first-order reaction kinetics, α and KIE can be expressed as the ratio of the first-order rate constants h k and l k for the light and the heavy isotope fraction (Eq. 2). For higher-order kinetics, the ratio of the rate equations can mostly be simplified to expressions analogous to those for first-order kinetics. Thus, α and KIE are also appropriate to describe isotope fractionation for degradation processes exhibiting non-first-order kinetics , Elsner 2010 ).
Consequently, microbial contaminant degradation leads to the enrichment of heavy natural isotopologues in the nondegraded residual contaminant fraction in comparison to the source fraction. The isotope composition of contaminants in groundwater plumes thus provides information about the cumulated extent of intrinsic microbial transformation. The changes in the concentration and isotope composition of a compound caused by primary enzymatic transformation reactions during biodegradation can be described with the Rayleigh equation (Mariotti et al. 1981) , which was originally developed to delineate the distillation of binary mixtures (Rayleigh 1902) . This equation relates the change in concentration (C t /C 0 ) to the change in isotope composition (R t /R 0 ) by the isotope fractionation factor α in a homogeneous reaction medium (Eq. 3).
R 0 and R t are the isotope ratios and C 0 and C t the corresponding concentrations at the beginning of the transformation reaction (t00) and after a given time t, respectively. The contaminant plume has to be considered as an idealized closed and well-mixed system in order to meet the criteria of the Rayleigh equation (Van Breukelen and Prommer 2008) ; t can then be replaced by the associated flow distance. The isotope fractionation factor α quantifies the extent of isotope fractionation; the exponent can alternatively be defined as (1/α)−1 , so care must be taken when comparing values from various references. α is also often reported using the enrichment factor ε, defined as ε0α−1.
Compound-and degradation pathway-specific isotope fractionation factors (αC, αH, etc.) are determined in laboratory experiments using microcosms or column systems with mixed or pure microbial cultures. In these systems, microbial degradation is the only process changing concentrations and isotope ratios, forming in effect a closed system Elsner et al. 2005) . Thus, the change in isotope ratio (R t /R 0 ) can be related unequivocally to the change in concentration (C t /C 0 ). The isotope fractionation or enrichment factor is determined from the linear regression of the log-scale relation of C t /C 0 and R t /R 0 for samples taken at different times or flow distances and can also be determined graphically from a Rayleigh plot. Isotope fractionation and enrichment factors published hitherto can be obtained from earlier reviews Schmidt et al. 2004; US EPA 2008; Aelion et al. 2010 ) and recent research articles (Nijenhuis et al. 2005; Nikolausz et al. 2006; Lee et al. 2007; Rosell et al. 2007; Cichocka et al. 2007 Cichocka et al. , 2008 Vogt et al. 2008; Fischer et al. 2008 Fischer et al. , 2009 Herrmann et al. 2009; Youngster et al. 2010) .
For quantifying the extent of in situ biodegradation (B [%]), concentration changes (C t /C 0 ) down-gradient from the source can be calculated using the changes in isotope ratio between the source (R 0 ) and a monitoring well (R t ), together with an appropriate isotope fractionation factor (US EPA 2008) (Eq. 4).
Further calculations allow description of the in situ biodegradation using spatial or temporal degradation rate constants of first or zero order, which can ultimately be expressed as degradation half-lives (US EPA 2008; Eisenmann and Fischer 2010) . These allow estimation of the theoretical flow distance within which a threshold contaminant concentration will be reached under constant flow and degradation conditions. Hunkeler and Aravena (2010) describe an approach to estimate contaminant mass flux reduction between the source and a control plane perpendicular to the flow direction.
Basic data acquisition and interpretation
In order to ensure maximum benefit from CSIA application for biodegradation characterization and quantification, it should be applied within the framework of a comprehensive hydrological, geological, geochemical, and microbiological site survey. The CSIA monitoring should cover the entire plume and the main plume compartments-source, plume center line, and the plume area and fringes. For a main investigation, this will usually require sampling from 12-20 wells (US EPA 2008) or more at complex sites. It is recommended to sample from one to two wells up-gradient of the source, three to five wells in every source zone, at least four to five wells in the center flow line, and four to eight wells in the main plume area and fringes (US EPA 2008) . If multi-level wells are available, various levels can be sampled for assessing vertical differences in biodegradation. The sampling should be repeated after a few months in order to ensure reproducibility of the results, and, if required, after 1-3 years in order to monitor long-term trends.
Groundwater samples must be stored in glass vials with PTFE-lined septa, preferably without headspace, and should be cooled for transport and storage. Microbial activity has to be stopped directly after sampling using suitable preservatives (US EPA 2008) . Isotope analysis has to be performed as soon as possible after sampling. However, reliable isotope analysis can still be carried out for samples stored several weeks with appropriate preservation and sealing against volatilization losses (Hammer et al. 1998 , Elsner et al. 2006 , Blessing et al. 2008 . Isotope compositions of organic pollutants in environmental samples are mostly determined by means of gas chromatography isotope ratio mass spectrometry (Schmidt et al. 2004; Blessing et al. 2008) . The suitable concentration range for CSIA measurements is approximately 1-10 μg L −1 for carbon and slightly higher for hydrogen, depending on the compound, sample preparation (e.g., preconcentration techniques), and instrument used. Sampling locations down-gradient from the source should cover at least one order of magnitude differences in contaminant concentrations in order to obtain reliable results. CSIA measurements are typically run in triplicate, with acceptable analytical error of ≤±0.5‰ for δ 13 C (US EPA 2008) and ≤±5-10‰ for δ 2 H values (Mancini et al. 2002; Fischer et al. 2009 ). Based on the expected error for carbon isotope analysis, a minimum difference of >1‰ between δ 13 C values is required in order to provide indication for pollutant degradation. US EPA (2008) recommended that carbon isotope fractionation in the order of >2‰ should be used as a criterion for proving pollutant degradation, minimizing the risk of an erroneous interpretation. Transferring the criteria for interpretation of carbon to hydrogen isotope data, changes in δ 2 H values should be >10‰ to 20‰ for an indication and >20‰ to 40‰ for a proof of pollutant degradation, respectively. A qualitative proof of in situ contaminant degradation is given: (1) when the contaminant isotope signature is significantly more positive than the primary isotope signature at manufacture of the compound, and (2) when changes in δ 13 C values are >2‰ and/or changes in δ 2 H values are >20‰ to 40‰ along a groundwater flow path between two sampling points, and the influence of a secondary contaminant source with a more positive isotope signature can be excluded (US EPA 2008; Eisenmann and Fischer 2010) .
It is crucial for qualitative and quantitative interpretation of isotope data to reliably determine the source zone and source isotope signature (Thullner et al. 2012) . Primary isotope signatures of contaminants may vary considerably, introducing uncertainty to the calculation of the biodegradation degree B [%]. The source zone can be properly identified using hydrological and historical information, and evaluating contaminant distribution patterns in the plume. However, the source isotope ratio may have changed over time as a result of chemical, physical, and biological processes (weathering). In this case, it is recommend to recover the source isotope signature by applying isotope mass balances (Eq. 5):
where c i are the concentrations and δ i the isotope ratios of the parent compound and each metabolite, and c sum is the sum of concentrations of all contributions (Aeppli et al. 2010) . The sum isotope ratio for the degradation cascade (δ sum ) is then equal to the source isotope ratio of the nondegraded contaminant, if all intermediates are covered by the isotope mass balance. Generally, in order to avoid an overestimation of biodegradation, the most positive source isotope signature should be applied for assessing contaminant biodegradation.
Factors influencing isotope fractionation during biodegradation

Sequential transformation patterns
Many studies have shown that the CSIA cumulated biodegradation approach based on Eq. 4 is reliable, particularly for BTEX contaminants (Mancini et al. 2002; Meckenstock et al. 2002; Fischer et al. 2004; Griebler et al. 2004; Vieth et al. 2005) . However, it is of limited value for contaminants such as tert-butyl alcohol (TBA), TCE, DCE, and VC, which can be both substrates and metabolites . Aquifers contaminated by mixtures of chlorinated contaminants may show sequential transformation patterns with varying isotope compositions, which are difficult to interpret with the simple CSIA approach. Chlorinated metabolites formed in the initial phase of biodegradation are characterized by a very negative isotope signature, as they are derived from the preferentially degraded lighter parent molecules. As degradation proceeds further, they become successively more positive as also heavier parent molecules are degraded. Often, it is of particular interest whether, and to what extent, chlorinated metabolites are finally transformed to non-chlorinated, non-toxic products. In such cases, isotope mass balances can help to encompass the complete reductive dechlorination sequence of higher--chlorinated primary pollutants, e.g., for chlorinated ethenes (Aeppli et al. 2010; Amaral et al. 2011; Hunkeler et al. 2011a ) and chlorinated benzenes (Stelzer et al. 2009 ). For this approach, changes in the concentration weighted average of the isotope signatures of the chlorinated parent compound and all its chlorinated metabolites are studied (Amaral et al. 2011) . The sum of chlorinated ethenes or benzenes is then treated as one primary contaminant; its isotope enrichment allows conclusions on complete dechlorination. The average of the isotope signatures only increases beyond the source isotope signature if the respective lower chlorinated compounds are further transformed to non-chlorinated products.
Variability and masking of isotope fractionation
Biodegradation quantification using the Rayleigh equation Eq. 4 relies on the assumption that degradation by the same reaction mechanism will be characterized by the same isotope fractionation. This is essential as a suitable isotope fractionation factor determined in defined laboratory experiments has to be chosen in order to quantify biodegradation in the field. However, in recent studies, it has become clear that isotope fractionation factors can strongly differ among organisms using the same degradation pathway, in particular for PCE and TCE reductive dechlorination (Nijenhuis et al. 2005; Cichocka et al. 2007 Cichocka et al. , 2008 . The extent of observed isotope fractionation may vary for the same reaction mechanism if other processes (e.g., cellular uptake, transport to reactive sites of enzymes, formation of enzyme-substrate complexes) than the isotope-sensitive degradation step become rate-limiting in the overall biotransformation process Elsner 2010 ). Then, nearly every substrate molecule reaching the reactive site of an enzyme, regardless of whether it contains a heavy isotope or not, will be converted with the same degradation rate, a phenomenon known as "commitment to catalysis" (Northrop 1981) . This masking causes a lower apparent KIE (AKIE), i.e., a lower or even no apparent isotope fractionation (Northrop 1981; Elsner et al. 2005; Elsner 2010 ). The extent of commitment to catalysis during a degradation reaction may be different in different organisms using the same reaction mechanism, due to, e.g., varying properties of enzymes and membranes (Cichocka et al. 2008) , introducing the observed variability. Non-isotope-fractionating rate-limiting steps during biodegradation may result in AKIE values that are not characteristic of a certain reaction mechanism, in particular for strong commitment to catalysis . In this case, the CSIA of a single element is not able to produce consistent data for identification of the degradation pathway active in the field Fischer et al. 2008) . Additional complications for the interpretation of isotope fractionation associated with biodegradation arise when several different degradation pathways with different isotope fractionation factors occur simultaneously or subsequently in the field. Van Breukelen et al. (2007a) derived extended Rayleigh-type equations in order to quantify the share of two competing pathways, using the observed overall isotope fractionation factor and the known isotope fractionation factors of the two pathways. In addition, the extent of biodegradation shared over several competing pathways can be assessed using multidimensional CSIA (Van Breukelen et al. 2007a ).
CSIA of two or more elements CSIA of more than one element provides improved identification of the atoms and bond(s) involved in the isotopesensitive degradation step, and therefore of transformation mechanisms, ultimately enabling quantification of in situ degradation (Elsner et al. , 2007 Elsner 2010) . Ratelimiting non-or slightly-isotope-fractionating steps affect the isotope composition of different elements similarly. The correlation between the isotope fractionation of two elements in the same compound is then not biased by ratelimiting steps, as their effect is cancelled out . For a 2D CSIA approach, δ 13 C vs. δ 2 H values (or isotope ratios of other elements, e.g., δ 37 Cl vs. δ 13 C, see Hofstetter and Berg 2011) are plotted in order to obtain the slope of the linear regression, Λ. Alternatively, Λ can be assessed from the ratio of the bulk isotope enrichment factors ) (Eq. 6),
with Δδ0δ t -δ 0 . Λ values are often characteristic of specific degradation mechanisms; data compilations obtained in laboratory experiments can be found in the literature (e.g., Fischer et al. 2008; Vogt et al. 2008; Herrmann et al. 2009; Youngster et al. 2010 ). However, variable isotope fractionation factors within the same degradation mechanism can alternatively be caused by slight differences in transition states, which are very difficult to determine. This may produce different Λ values even for apparently similar degradation mechanisms, as shown for organisms using benzylsuccinate synthase for the initial step of toluene and xylene degradation Herrmann et al. 2009 ). Recent studies have proven the applicability and benefit of 2D hydrogen and carbon as well as chlorine and carbon CSIA for identification of dominant biodegradation pathways of groundwater contaminants such as BTEX (Fischer et al. 2007 Vogt et al. 2008; Rakoczy et al. 2011) , MTBE (Kuder et al. 2005; Zwank et al. 2005; Elsner et al. 2007; McKelvie et al. 2009; Youngster et al. 2010) , chlorinated ethenes and ethanes (Abe et al. 2009; Hofstetter and Berg 2011; Hunkeler et al. 2011a) , and quinoline . However, the application of solely 2D CSIA may be of limited value for the distinction between aerobic and anaerobic MTBE degradation pathways in the field (Rosell et al. 2007 . Aerobic degradation by some strains is associated with only a low-level carbon and hydrogen isotope fractionation, giving Λ values similar to those for anaerobic MTBE degradation.
The 2D or multi-dimensional CSIA approach is more sensitive than single-element CSIA, and is relatively straightforward to apply for discriminating different degradation pathways in the field. It is useful in cases where the degradation conditions are ambiguous or heterogeneous, or several different pathways potentially play a role under given conditions (Kuder et al. 2005; Fischer et al. 2007 ). The identification of pathways via 2D CSIA can support decision-making on implementation of enhanced NA measures such as biostimulation (Rakoczy et al. 2011 ) and bioaugmentation. Most importantly, application of 2D CSIA narrows down the selection of suitable isotope fractionation factors for biodegradation quantification to those available for the identified pathway and given conditions. However, it is usually not clear which microbial strains dominate a given in situ biodegradation process in the aquifer; this may also vary on a small spatial scale. Molecular biological methods such as polymerase chain reaction (PCR) may then help to identify the dominant microbial degraders Hunkeler et al. 2011a; Rakoczy et al. 2011; Jechalke et al. 2011) . In general, the isotope enrichment/fractionation factor exhibiting the highest isotope fractionation for the pathway and conditions in question should be chosen for a conservative quantification of biodegradation (Thullner et al. 2012 ).
Observed and intrinsic isotope effects: extracting mechanistic information KIEs associated with bond conversion during biotransformation are governed by the character of the molecule moiety where the reaction takes place, and the exact reaction mechanism. Thus, isotope fractionation data inherently carry information on contaminant biodegradation pathways. However, observed bulk isotope fractionation or enrichment factors often do not directly reflect the underlying isotopesensitive process, rendering the extraction of mechanistic information more complex. Bulk enrichment factors have to be converted to AKIE by correcting them for the presence of heavy isotopes in non-reactive positions and intramolecular competition between several reactive positions in one molecule Elsner 2010 ). Such AKIE values describe the isotope effect associated with the cleavage of a specific bond and provide insight into the enzymatic degradation mechanism. Reaction-specific AKIE values are mostly obtained using bulk isotope fractionation factors determined in laboratory microcosm studies under defined conditions, or by re-evaluation of datasets from the literature Zwank et al. 2005; Vogt et al. 2008; Abe et al. 2009; Herrmann et al. 2009; Fletcher et al. 2009 ). Expected intrinsic KIE ranges have been theoretically and experimentally determined for specific chemical reaction mechanisms and chemical bonds (Huskey 1991; Elsner et al. 2005) . AKIE values obtained from field isotope data can be compared with theoretically derived KIE and previously published laboratory-derived AKIE values in order to identify the most likely mechanistic scenario. Several authors have shown that enzymatic reaction mechanisms can be characterized with this approach Elsner et al. 2007; Abe et al. 2009; McKelvie et al. 2009; Fischer et al. 2010) .
These complex evaluation schemes are very powerful but require some experience. They are only of interest to practical users if mechanistic information concerning in situ biodegradation is needed, or elucidation of not yet fully understood in situ biodegradation pathways is aspired to. In most cases, the information required for the choice of isotope fractionation factors for biodegradation quantification can be obtained via combined analysis of hydrogeochemical conditions and 2D CSIA. A detailed review of the use of CSIA for mechanistic evaluations, also presenting the derivation of (A)KIE values from bulk isotope enrichment factors, is given by Elsner (2010) .
Impacts of bioavailability restrictions
The Rayleigh-equation-based approach postulates that a constant isotope fractionation factor describes contaminant degradation under specific environmental conditions (Mariotti et al. 1981) . However, in natural systems, the bioavailable substrate concentration at the enzyme may differ from the average bulk concentration, controlled by sorption, pore size exclusion, and dissolution in NAPLs (Harms and Bosma 1997). The observed isotope fractionation may change if transfer steps preceding the isotope-fractionating enzymatic degradation control substrate bioavailability Thullner et al. 2008) . Cell density also influences substrate availability, for example in biofilms and cell suspensions at high cell density, where the approach of substrate becomes more restricted with increasing biomass (Harms and Zehnder 1994; Staal et al. 2007 ). For high bioavailability and high substrate concentrations, the enzymatic and observed isotope fractionation factors are approximately equal, while bioavailability restrictions and low substrate concentrations can lead to practically no observable isotope fractionation . Kampara et al. (2008 Kampara et al. ( , 2009 and Thullner et al. (2008) showed that the observed fractionation of non-deuterated and fully deuterated toluene (toluened 8 ) during aerobic toluene degradation decreased with decreasing substrate concentrations and increasing cell density, both in theoretical calculations and in batch biodegradation experiments. Thus, the fractionation of these two isotopologues depended significantly on bioavailability, due to the influence of bioavailability restrictions on the observable isotope effect.
Changes in bioavailability are difficult to assess when using CSIA for quantifying in situ biodegradation in aquifers. Fast substrate turnover, low aqueous phase concentrations changing in space and time, and slow diffusion of sorbed hydrophobic contaminants (i.e., low bioavailability) are common in aquifers. The combination of low substrate concentrations and low bioavailability might lower the isotope fractionation in the field and lead to an underestimation of biodegradation and thus to a conservative assessment. Furthermore, conservative quantification of in situ biodegradation may be ensured by using isotope enrichment factors obtained in laboratory experiments with high substrate concentrations and moderately dense cell suspensions Kampara et al. 2009 ). However, the presented studies showing the impact of bioavailability on isotope fractionation were carried out using non-deuterated toluene and toluene-d 8 , and isotope effects are usually stronger for labeled compounds. Thus, the relevance of these results for compounds with natural isotope abundance in CSIA field applications is not yet clear.
Physical processes influencing observed isotope fractionation
Dissolution of NAPL sources
Dissolution from free product phases itself has only a very small or no effect on isotope composition of groundwater contaminants (Slater et al. 1999; Harrington et al. 1999; Hunkeler et al. 2004 ). However, the continuous dissolution of a pollutant from a NAPL source may mask isotope fractionation associated with biodegradation. Conclusive isotopic evidence for biodegradation of chlorinated ethenes was found to be difficult to detect close to source zones (Hunkeler et al. 1999; Song et al. 2002; Morrill et al. 2009 ), since the influx of newly dissolved non-isotope-fractionated contaminants leads to an observed lack of continual isotopic enrichment trends. Morrill et al. (2009) reported that isotopic fractionation was not affected by dissolution within a PCE plume down-gradient from the source but was affected close to the source, where no significant isotope shift associated with reductive dechlorination was observed. Thus, practical users of CSIA have to consider that the dissolution of contaminants may lead to underestimation or even apparent absence of biodegradation near NAPL sources. In order to detect and quantify in situ biodegradation near a source zone, users can go back to the assessment of concentrations and isotope signatures of metabolites, or apply other methods such as in situ microcosms (BACTRAPs) loaded with labeled substrates (Bombach et al. 2010 ).
Sorption
Hydrophobic sorption processes are connected to small isotope effects, resulting from the reduction of nonspecific hydrophobic van der Waals interactions for heavier isotopologues (Caimi and Brenna 1997; Kopinke et al. 2005a ). In consequence, heavy isotopologues migrate faster than light isotopologues. While travelling through aquifers, organic contaminants are mainly retarded by partitioning into organic matter (Kopinke et al. 2005a ). Several laboratory studies have shown that equilibrium single-step sorption on organic materials does not cause significant carbon and hydrogen isotope fractionation (Slater et al. 2000; Schüth et al. 2003) . However, contaminant transport in aquifers is influenced by multiple sorption-desorption steps, similar to analytes in a reversed-phase high-performance liquid chromatography (HPLC) column (Schüth et al. 2003; Kopinke et al. 2005a) . The cumulative isotope effect of many partitioning steps may then lead to significant shifts in the isotope ratio (Caimi and Brenna 1997, Turowski et al. 2003) , depending on the strength of retardation (mainly determined by the organic carbon content) and the separation efficiency of the aquifer (the number of sorption-desorption steps). Kopinke et al. (2005a) found small but significant carbon isotope fractionation factors associated with sorption of benzene, 2,4-dimethylphenol, toluene, and o-xylene to humic acid, representing organic matter in the aquifer, in multi-step sorption batch and reversed-phase HPLC experiments. These isotope fractionation factors were one to two orders of magnitude lower than isotope fractionation factors usually associated with biodegradation. MTBE showed no significant isotope fractionation due to sorption because it was not significantly bound to humic acid.
Because sorption and biodegradation lead to shifts in contaminant isotope signatures in the same direction, there is a risk of overestimating biodegradation in the field. In order to evaluate the impact of isotope fractionation associated with sorption, several scenarios have to be distinguished (Kopinke et al. 2005a ): migration of a finite plume (e.g. from a single spill), still-expanding plumes, and stationary plumes. Several modeling approaches revealed that isotope fractionation may lead to an enrichment of heavy isotopologues only at the forerunning front of expanding plumes and travelling finite plumes (Kopinke et al. 2005a; Van Breukelen and Prommer 2008; Höhener and Atteia 2010) . Kopinke et al. (2005a) simulated the carbonisotope profile along a moving contaminant plume using the isotope fractionation factor derived in their HLPC experiments. They showed that, at the plume front, the isotope shift associated with sorption may be significant in realistic aquifer scenarios. The plume length, organic carbon content, separation efficiency, and hydrophobicity of the contaminant are the main parameters influencing the degree of isotope fractionation (Kopinke et al. 2005a ). Since aquifers usually have a relatively low organic carbon content (Fetter 1999) and much lower separation efficiency than HPLC columns, isotope fractionation due to sorption may be of only minor relevance at most field sites (Schüth et al. 2003) . Exceptions may be aquifers with high organic carbon contents, e.g., those containing lignite residues.
The predicted isotope fractionation associated with sorption to aquifer materials has not yet been shown in the field (Hunkeler and Elsner 2010) , and available field data do not provide clear evidence of its relevance under aquifer conditions . Thus, there is a need for further research concerning the interference of sorption-based isotope fractionation with biodegradation quantification. The practical user should consider a number of aspects for evaluating the potential impact of sorption on observed isotope fractionation. Most plumes relevant in NA applications are stationary plumes resulting from continuous contaminant leakage, for which isotope fractionation due to sorption is irrelevant. If the plume is still expanding or resulting from a single contamination event, only the leading edge may be isotopically enriched (and the tail isotopically depleted in case of a migrating finite plume) due to isotope fractionation associated with sorption. The width of these zones will then be of particular interest. Furthermore, it is important to consider the sorptive characteristics of the aquifer material and the expected strength of contaminant retardation, mainly determined by the organic carbon content and the K OC (organic-carbon-normalized sorption coefficient). For a contaminant which is not strongly retarded, isotope fractionation associated with sorption will probably be negligible. biodegradation quantification in the field. The definition of the aquifer transect to be considered (the closed system) is therefore of crucial importance in field applications (Thullner et al. 2012) .
Transport of contaminants in aquifers is principally governed by advection and hydrodynamic dispersion (Fetter 1999) . Advection is the transport of contaminants due to the movement of water in which they are dissolved. Hydrodynamic dispersion is the sum of mechanical dispersion and diffusion. Contaminant transport in groundwater is usually dominated by advection and mechanical dispersion, except for very slow groundwater flow velocities (Wiedemeier et al. 1999) . Mechanical dispersion results from the heterogeneity of the porous medium, reflecting the fact that the flow velocity varies around a mean value both on the micro-and macro-scale. Thus, after a given time period, some molecules have travelled a longer or shorter way than the average migration distance, resulting in different degradation degrees, and have possibly passed through different local reaction zones (Kopinke et al. 2005a) . Dispersive mixing and dilution with pristine water occurs mainly at the plume fringes, where it may lead to enhanced biodegradation due to high availability of electron acceptors, which are often depleted in the plume core (fringe-controlled biodegradation) (Anneser et al. 2008; Prommer et al. 2009 ). However, dispersion also causes plume spreading, decreasing contaminant concentrations without changing their mass, and may lead to contaminants leaving the considered transect or flow path defined as a closed system, so that nothing can be said about their fate. Dispersion, dilution and mixing in themselves are not expected to lead to isotope fractionation (Dempster et al. 1997) , as contaminants are carried along with the groundwater flow regardless of their mass, but their effects may nevertheless complicate interpretation of field isotope data.
The impacts of micro-and macro-heterogeneity on measured isotope shifts have been illustrated in a hypothetical scenario by Kopinke et al. (2005a) : several segments of groundwater flow pass through different aquifer zones, sustaining different extents of degradation and isotope fractionation. Groundwater samples from a sampling well are then mixtures of water units with different residual contaminant concentrations and isotope shifts. The overall isotope signature in the mixture will be dominated by the less-degraded contaminant fractions with higher remaining concentrations ). The isotope shift of the mixture is then lower than expected for this degree of biodegradation, which may lead to an underestimation of degradation (Mariotti et al. 1988; Kopinke et al. 2005b; Lesser et al. 2008; Green et al. 2010) .
Several modeling studies have shown that the apparent isotope enrichment factor observed in the field can be considerably smaller than the true intrinsic value due to dispersion. They have quantified the systematic bias introduced by using the Rayleigh equation for biodegradation assessment in heterogeneous aquifers. Kawanishi et al. (1993) found, for a simple one-dimensional system with only uniform longitudinal dispersion, that the apparent isotope enrichment factor for denitrification can be smaller than the true value by up to a factor of 2. Abe and Hunkeler (2006) evaluated the systematic effect of aquifer heterogeneity, also including transverse dispersion/mixing, as a function of the magnitude of physical heterogeneity, the plume geometry, and the degree of biodegradation. Employing an analytical solution of the advection-dispersion equation, it was found that isotope enrichment factors, the extent of biodegradation, and first-order rate constants were always underestimated, particularly in cases of strong physical heterogeneity. However, Abe and Hunkeler (2006) only reported an underestimation of the extent of biodegradation of <5%. A more recent study showed that physical heterogeneity may have higher impacts on isotope enrichment factors during denitrification, using field measurement from a heterogeneous aquifer and numerical modelling (Green et al. 2010 ). Apparent and true values were shown to differ by a factor of 10 or higher in cases of fast reactions and strong dispersion. The modeled system was more complex than the previous ones, accounting for macroscopic geological heterogeneity, redox zonation, and a non-uniform contaminant input (Green et al. 2010 ). Thus, dispersion may substantially reduce apparent isotope enrichment factors under realistic field conditions.
In an open aquifer system, contaminant concentrations may decrease due to both isotope-fractionating biodegradation processes and non-isotope-fractionating dispersion/dilution down-gradient from the source (Abe and Hunkeler 2006; Mak et al. 2006; Van Breukelen 2007b; Fischer et al. 2007 ). Contaminants may leave the defined system (the flow path or aquifer transect considered as a closed system) without necessarily being degraded (Fischer et al. 2007 ). This impacts quantification of contaminant biodegradation using CSIA, as comprehensively illustrated by Thullner et al. (2012) . Van Breukelen (2007b) suggested the open-system Rayleigh equation, where the expanding plume between the source and a given observation point is considered as a closed system. The observation well is expected to represent the entire expanding plume. This can only be the case if all flow paths between which mixing/dispersion occurs show identical degrees of degradation (Thullner et al. 2012) . In this case, the order in which degradation and dilution take place does not matter, and the impact of dilution can be accommodated directly in the open-system Rayleigh equation as suggested by Van Breukelen et al. (2007b) .
In contrast to Van Breukelen et al. (2007b) , Fischer et al. (2007) avoided the assumption that one observation point represents the entire expanding plume. They suggested the "Rayleigh equation streamline approach" in order to assess the degradation along an idealized theoretical streamline plug flow. Mak et al. (2006) presented a related approach to account for the effect of dilution by applying the Rayleigh equation in combination with a conservative transport model (for further details, see Thullner et al. 2012) . Fischer et al. (2007) assumed that the impact of dilution/dispersion on biodegradation quantification depends on the relative magnitude and the order of occurrence (consecutively or simultaneously) of both processes along a specific groundwater flow path. In aquifers, the two processes will mostly not occur strictly sequentially (Thullner et al. 2012) ; however, the conventional Rayleigh equation approach (Eq. 4) assumes that biodegradation occurs before the non-isotope-fractionating process. Fischer et al. (2007) showed that, with this scenario, biodegradation may be overestimated, while a scenario where the non-isotopefractionating process occurs prior to biodegradation leads to underestimation. The two scenarios represent opposite extremes concerning the effect of dilution/dispersion on biodegradation quantification for a specific flow path. The authors showed in a general conceptual assessment that the conventional Rayleigh equation approach leads to an increasingly severe overestimation of biodegradation for a specific flow path with increasing influence of dilution/dispersion (Fig. 1) . It is most realistic to assume a simultaneous occurrence of dilution/dispersion and biodegradation (Fischer et al. 2007 ). For this scenario, an adapted equation for calculation of B [%] using measured isotope signatures and contaminant concentrations was presented, requiring only that the rates of the two processes have a constant ratio (Eq. 7) (Thullner et al. , 2012 :
Just as importantly, it was revealed that the conventional Rayleigh equation approach (Eq. 4) may lead to biased estimation of biodegradation for a specific flow path if dispersion/ dilution causes a displacement of pollutants from this flow path. No conclusion can be drawn for the contaminant fraction leaving the specific flow path, which is no longer part of the assumed closed system. If the displaced fraction is similarly biodegraded outside and within this flow path, the conventional Rayleigh equation provides a correct assessment of biodegradation within the groundwater segment (covering the specific flow path and the space occupied by the displaced contaminant fraction). However, using the conventional Rayleigh equation, a lower or higher biodegradation outside of the specific flow path leads to an over-or underestimation for the entire groundwater segment, respectively.
For practical users, it is of advantage that application of the Rayleigh equation in a heterogeneous aquifer will inherently lead to an underestimation of in situ biodegradation and thus to a conservative assessment (Fischer et al. 2004; Kopinke et al. 2005a; Green et al. 2010; Thullner et al. 2012) . Furthermore, the closed system for which in situ biodegradation is quantified has to be carefully defined. Users may want to quantify the overall biodegradation degree for the entire expanding plume between the source and a vertical cross-section down-gradient from the source. This can be done using the simple Rayleigh equation approach if a representative isotope ratio can be determined for this cross-section. Vertical sampling, or sampling of the entire cross-section of the plume at observation planes perpendicular to the flow direction, may help evaluate the heterogeneity of degradation degrees within the plume. If considering a specific groundwater flow path as a closed system, the Rayleigh equation streamline approach may be used, but assessment of the overall biodegradation degree is more confined. In order to verify the potential impact of dilution/dispersion on biodegradation quantification with CSIA in the field, biodegradation can be calculated according to the two extreme scenarios as suggested by Fischer et al. (2007) . If they yield similar B [%], biodegradation is the predominant elimination process, and the conventional Rayleigh equation can be used. If they yield significantly different B [%], the conventional Rayleigh equation approach may lead either to an overestimation or underestimation of biodegradation for a specific groundwater flow path (Fischer et al. 2007 ). In these cases, B [%] for a specific flow path is accessible using Eq. 7, provided that a constant rate ratio of the two processes can be assumed. A conservative assessment can be ensured by using the scenario where dispersion/dilution occurs prior to biodegradation.
Diffusion in the saturated zone
Aqueous-phase diffusion coefficients are smaller the larger and heavier a molecule is (Hunkeler and Elsner 2010 ) and can be described by an inverse power-law relation (Bourg et al. 2010) . Thus, heavy isotopologues diffuse slightly slower than light isotopologues, which may lead to isotope fractionation also for organic compounds in aquifers (LaBolle et al. 2008) . As stated in the previous chapter, transport of contaminants in aquifers is mostly dominated by advection and mechanical dispersion (Fetter 1999) . However, diffusion can control contaminant transport at low flow velocity, i.e., within low-permeability zones (LaBolle et al. 2008) . The relative importance of diffusion and mechanical dispersion for contaminant transport can be evaluated using the dimensionless Peclet number, determined by the flow velocity, grain size, and diffusion coefficient (Fetter 1999) . Under heterogeneous geological conditions, diffusion-controlled mass transfer between fast principal flow paths and adjacent slow-velocity or stagnant zones may occur (LaBolle et al. 2008) . The diffusive fractionation of a contaminant would result in isotopic enrichment along principal flow paths downstream from the source, similar to isotope fractionation associated with biodegradation, and to simultaneous isotopic depletion within aquitards into which light isotopologues diffuse more rapidly (LaBolle et al. 2008 ). Thus, there may be a risk of falsely attributing observed diffusion-induced isotopic enrichment to biodegradation. Mathematical simulations suggested that for MTBE and TBA, diffusive isotope fractionation can be in the same order of magnitude as isotope fractionation due to biodegradation in transport regimes where diffusive mass transfer between high-and low-permeability zones is prominent (thin aquifer, thick aquitard, and fast flow parallel to the bedding plane) (LaBolle et al. 2008) . However, experimental proof of these findings in the field has not yet been presented, even though some authors have hypothesized that in their field studies, aqueous diffusion may have affected observed isotope ratios (Hunkeler et al. 2004 (Hunkeler et al. , 2011b . The scenario investigated by LaBolle et al. (2008) is very specific, and, therefore, its applicability to more common aquifer scenarios is limited. Furthermore, recent studies focusing on diffusive sulfur isotope fractionation of sulfate in marine sediments have overall indicated a very low or negligible impact of diffusive isotope fractionation (Donahue et al. 2008a, b; Bourg 2008; Wortmann and Chernyavsky 2011) . In order to evaluate the relevance of diffusive isotope fractionation and potential corruption of CSIA biodegradation assessment, users should consult hydrogeological background information; control experiments may help to delimit isotope fractionation associated with biodegradation from potential diffusive isotope fractionation LaBolle et al. 2008) . Generally, isotope fractionation associated with diffusion in the aqueous phase can presumably be neglected in the majority of cases. Diffusive isotope fractionation is potentially much more relevant if contaminants migrate through unsaturated zones, as discussed in the next chapter.
Volatilization and diffusion in the unsaturated zone
Sufficiently volatile contaminants solved in groundwater, or present as organic phase in the subsurface, may be transferred to the gas phase (volatilization) and subsequently migrate through the unsaturated zone (diffusion). Similar to aqueous phase diffusion, the reduced diffusion velocity of heavy isotopologues leads to isotope fractionation during gas phase diffusion. Due to the higher mass dependence of gas phase diffusion coefficients, the isotope fractionation is consequentially stronger (Hunkeler and Elsner 2010) . Furthermore, in contrast to the saturated zone, diffusion is a dominant transport process in the unsaturated zone, resulting from the higher diffusion velocity and the only minor role of advection. Volatilization may also cause small isotope effects. Isotope fractionation associated with volatilization in the subsurface usually occurs under equilibrium conditions in the phase boundary layer (Kuder et al. 2009 ), except if the gas phase is rapidly removed (e.g., during soil vapor extraction or air sparging). Isotope effects during volatilization can be normal (enrichment of heavy isotopologues in the liquid phase) or inverse (depletion of heavy isotopologues in the liquid phase) (Huang et al. 1999; Kuder et al. 2009 ), resulting from various overlapping effects at the molecular level (Hunkeler and Elsner 2010) . The overall isotope fractionation depends on the evaporation scenario, compound, and isotopic atom in question (Kuder et al. 2009 ). Usually, carbon isotope effects associated with equilibrium volatilization are inverse for volatilization from both neat and aqueous phases, while hydrogen isotope effects tend to be inverse for volatilization from pure phases but normal for volatilization from the aqueous phase. Chlorine isotope effects associated with volatilization are normal, allowing volatilization-induced isotope effects to be distinguished from biodegradation induced isotope effects by a negative correlation between δ 13 Cl and δ 37 C (Huang et al. 1999) . Isotope fractionation associated with volatilization and gas phase diffusion in the subsurface may per se only be observed as a mixture of both processes, rendering the overall resulting isotope fractionation particularly dependent on the scenario (Kuder et al. 2009 ).
The carbon, hydrogen, and chlorine isotope fractionation associated with equilibrium partitioning between the aqueous and the gas phase or progressive evaporation was found to be small but partly significant for petroleum hydrocarbons, chlorinated ethenes, dichloromethane, and BTEX (Harrington et al. 1999; Huang et al. 1999; Poulson and Drever 1999; Slater et al. 1999; Wang and Huang 2003) . Kuder et al. (2009) found that measurable changes in isotope ratios were associated with diffusive volatilization and dynamic vapor extraction of MTBE. Different volatilization scenarios led to normal or inverse isotope effects in a conceptual model calculation. These isotope effects were lower than those associated with biodegradation, but could still confuse the interpretation of samples with only a small isotope fractionation. Isotope effects resulting from volatilization and biodegradation may be separated by 2D carbonand hydrogen-CSIA (Kuder et al. 2009 ). Significant isotope fractionation associated with volatilization and diffusion of petroleum hydrocarbons across a porous medium was also found by combining column and field experiments with a modeling approach (Bouchard et al. 2008a, b) . Interestingly, diffusive fractionation was mainly relevant directly after the spill and then again after the major contaminant fraction had already been removed. In between, fractionation may be classified as an indicator for biodegradation (Bouchard et al. 2008b ). Hunkeler et al. (2011b) also reported that carbon and chlorine isotope fractionation associated with diffusive migration of chlorinated ethenes from the groundwater table through an unsaturated sandy zone was insignificant in a field study and modeling approach, at least under near steady-state conditions. An overview of isotope effects associated with volatilization and diffusion in the unsaturated zone is given by Kuder et al. (2009) .
The role of volatilization and diffusive transport in the unsaturated zone for elimination of groundwater contaminants is highly dependent on both the hydrogeological conditions and the characteristics of the contaminant (Grifoll and Cohen 1994) . In most cases, volatilization is unlikely to decrease contaminant concentrations in aquifers significantly (Kopinke et al. 2005a, b) and was found to be negligible compared with biodegradation for BTEX (Chiang et al. 1989 ) and MTBE (Lahvis et al. 2004) . Therefore, volatilization of contaminants from the groundwater into the unsaturated zone leads to negligible isotope effects in the saturated zone for the majority of field sites and does not affect the interpretation of isotope ratios of dissolved groundwater contaminants. However, practical users should evaluate whether volatilization and diffusion through unsaturated zones could be particularly strong for the contaminant and site in question. Volatilization and subsequent diffusion may be significant processes affecting the fate of volatile groundwater contaminants (Sleep and Sykes 1989; Ostendorf and Kampbell 1991) under specific promoting conditions such as highly permeable sediments, warm climate, and shallow aquifers (Kuder et al. 2009 ). Accordingly, care should be taken concerning the interpretation of relatively small isotope enrichment in the saturated zone. In particular, diffusive isotope fractionation has to be taken into account when using isotope ratios determined from samples taken in the unsaturated zone (e.g., soil gas samples) for assessing contaminant biodegradation (Bouchard et al. 2008a (Bouchard et al. , b, 2011 Kuder et al. 2009 ). The assessment of two or more isotopic elements (Huang et al. 1999; Kuder et al. 2009 ) together with careful evaluation of the specific site scenario and hydrogeological conditions helps to distinguish isotope effects associated with biodegradation from those associated with volatilization/diffusion. If remediation measures such as soil vapor extraction or air sparging are active, volatilization may be a major removal processes while diffusion is suppressed (Kuder et al. 2009 ). In these cases, volatilization may cause potentially significant isotope fractionation in dissolved contaminants and has to be taken into account when interpreting isotope data.
Comprehensive application example: BTEXcontaminated field site Zeitz
The BTEX-contaminated Zeitz field site is located close to the city of Zeitz (Germany) in the area of a former hydrogenation and benzene production plant. The site has been extensively studied as a test field for monitoring NA processes, using CSIA approaches and linking field isotope data to complementary site information. It has therefore also served as a reference site in the EU FP7 collaborative project ModelPROBE "Model driven soil probing, site assessment and evaluation" (grant agreement no. 213161) (Kästner and Cassiani 2009) . The outline of the Zeitz study is presented to guide users through a typical CSIA site investigation and illustrate the potentials of CSIA for in situ biodegradation assessment. In particular, the integration of CSIA into overall site assessment and the handling of the discussed constraints are stressed.
Hydrogeochemistry and degradation conditions
A detailed description of the hydrogeology and hydrochemistry of the contaminated aquifer is given by Fischer et al. (2004) , Vieth et al. (2005) , and Schirmer et al. (2006) . Briefly, BTEX exceeded concentrations of 900 mg L −1 in the source area, with benzene and toluene concentrations up to 850 and 50 mg L −1 , respectively, and ethyl benzene and xylenes concentrations typically lower than 3 mg L −1 . Groundwater samples were taken from multi-level sampling wells covering the entire area of the approximately 350 m long BTEX plume with two potential main source zones in the upper aquifer (Fischer et al. 2004 (Fischer et al. , 2007 Vieth et al. 2005) . The distribution of contaminants, electron acceptors, and mineralization products along the flow path was determined in order to characterize the predominant BTEX biodegradation conditions. BTEX concentrations decreased by up to 96% combined with an increase in hydrogen carbonate concentrations and carbon isotope ratios of dissolved inorganic carbon, showing active mineralization processes (Fischer et al. 2004; Stelzer et al. 2006) . In the source area, high methane concentrations and carbon isotope ratios of methane indicated biodegradation under methanogenic conditions (Fischer et al. 2004 ). However, the contribution of methanogenic processes to overall microbial transformation in the plume was marginal (Fischer et al. 2004 ).
Sulfate concentrations decreased significantly concomitant to 34 S/ 32 S isotope fractionation in the highly contaminated zones, confirming microbial sulfate reduction as the dominant electron-accepting process (Fischer et al. 2004; Vieth et al. 2005) . This was further corroborated by assessment of oxygen and sulfur isotope fractionation of sulfate during anaerobic toluene and benzene degradation by sulfate-reducing bacteria in enrichment cultures obtained from the Zeitz aquifer, and column experiments operated under near in situ conditions with Zeitz groundwater (Knöller et al. 2006; 2008) . The oxygen and sulfur isotope approach, combined with sulfate concentrations, verified both the general occurrence of microbial sulfate reduction and its high relevance and potential in the Zeitz aquifer (Knöller et al. 2008) . Further downstream from the source, nitrate-and iron-reducing conditions prevailed in several zones (Fischer et al. 2004 ). The approach adopted at the Zeitz site illustrates how multiple lines of evidence can be applied in the field to check the validity of obtained results concerning degradation conditions.
CSIA cumulated biodegradation approach
In order to obtain information about microbial degradation processes that have already occurred at the site, the cumulated biodegradation approach based on CSIA (Meckenstock et al. 2002; Fischer et al. 2004; Kästner et al. 2006 ) was applied. As a first step, benzene concentrations were analyzed, and the carbon isotope composition of benzene in the entire plume area was determined (Fig. 2a) Figure 6 of the plume, and the isotope composition reached maximum values of -24.4‰ (Fischer et al. 2004) . Thus, the observed isotope fractionation provided evidence for benzene biodegradation at the field site (Fischer et al. 2004 , Vieth et al. 2005 . Besides benzene, in situ biodegradation of toluene was also proven based on isotope data (Vieth et al. 2005) . In addition, biodegradation of benzene and toluene was confirmed by in situ microcosm (BACTRAP) studies with 13 C-labeled benzene and toluene Geyer et al. 2005 ) as well as a tracer experiment with deuterated toluene isotopologues . Stelzer et al. (2006) carried out a multilevel study within the highly contaminated zone, whereby carbon isotope ratios of benzene were measured for a complete well profile. BACTRAPs with 13 C-labeled benzene were installed at the same depths where the isotope monitoring was carried out. While isotope fractionation revealed biodegradation of benzene only in the fringe of the plume, it was also detected in the highly contaminated zone using the BAC-TRAP approach. Thus, it can be concluded that the dissolution of benzene from the source led to an underestimation of benzene biodegradation in highly contaminated zones, as also observed at other contaminated field sites (Hunkeler et al. 1999; Song et al. 2002; Morrill et al. 2009 ).
The biodegradation degree B [%] for benzene ( Fig. 2b ) and toluene was calculated using the standard Rayleigh equation approach (Eq. 4) (Fischer et al. 2004; Vieth et al. 2005) and isotope fractionation factors obtained from laboratory experiments Vogt et al. 2008 ). In the case of anaerobic benzene biodegradation, microbial pathways have not been definitively determined, but different anoxic redox conditions were shown to be associated to different fractionation factors (Mancini et al. 2003) . Thus, an isotope fractionation factor for calculation of in situ benzene biodegradation was chosen based on the observed sulfate-reducing conditions (Fischer et al. 2004) . In order to assess the uncertainty of the evaluation, the degradation was also calculated with the lower isotope fractionation factor for methanogenic conditions. In this way, maximum biodegradation degrees of B [%]069-88% were determined (Fig. 2b) (Fischer et al. 2004; .
In order to evaluate the reliability of the Rayleigh-equationbased approach for in situ quantification of biodegradation, a multitracer test was carried out . The test was conducted with ring-deuterated toluene-d 5 and fully deuterated toluene-d 8 as reactive tracers and bromide as a conservative tracer; samples were taken at two control planes downgradient from the injection well. Biodegradation was quantified by (1) the Rayleigh equation approach applied to (toluene-d 5 / toluene-d 8 ) instead of isotope ratios R; (2) the concentration changes of deuterated toluene isotopologues relative to bromide; and (3) the mineralization of deuterated toluene isotopologues by means of deuterium enrichment in the groundwater.
The first two methods gave similar results (Fig. 3) , demonstrating the applicability of the Rayleigh equation approach for quantifying in situ contaminant biodegradation. The third method yielded a lower biodegradation, presumably caused by partial assimilation of deuterium from deuterated toluene into microbial biomass and metabolites.
2D carbon and hydrogen CSIA The 2D CSIA approach was applied at the Zeitz site in order to verify the dominant degradation conditions and to conclusively characterize the pathway of BTEX biodegradation (Fischer et al. 2007; Fischer et al. 2009 ). The carbon isotope enrichment factors do not differ significantly for aerobic and anaerobic benzene degradation, but hydrogen isotope enrichment factors are much higher for anaerobic benzene degradation (Hunkeler et al. 2001; Mancini et al. 2003 Mancini et al. , 2008b Fischer et al. 2008) . Carbon and hydrogen isotope enrichment factors from the literature were used to determine possible ranges of isotope signature patterns representing aerobic and anaerobic transformation (Fischer et al. 2007 ). These ranges were plotted together with the isotope ratios detected along the investigated aquifer transect (Fig. 4) , indicating anaerobic benzene biodegradation. The slope of the linear regression between hydrogen and carbon isotope discrimination (Λ0Δδ 2 H/Δδ 13 C) obtained from field samples was Λ 024 ± 2 (R 2 00.95) ). Similar Λ-values were determined for benzene degradation under sulfate-reducing conditions in laboratory microcosms with a microbial consortium isolated from the Zeitz site (Λ023±5; R 2 00.90) and in columns under near in situ conditions (Λ028±3; R 2 00.97) ), verifying that in situ benzene biodegradation indeed mainly takes place under sulfate-reducing conditions at the site. These findings were in agreement with the hydrogeochemical conditions and confirmed the results of previous studies (Fischer et al. 2004; Vieth et al. 2005; Knöller et al. 2008 ). Recent findings presented by Bergmann et al. (2011) have, however, challenged the suggestion that Λ-values can generally be used for discrimination between benzene degradation by denitrifying strains and sulfate-reducing or methanogenic strains. It is thus important to avoid purely empirical interpretations of 2D isotope plots and to consult additional biogeochemical and molecular biological lines of evidence, in particular when underlying degradation mechanisms have not been fully understood, such as for anaerobic benzene degradation (Bergmann et al. 2011) .
Mechanistic evaluations
In the framework of the Zeitz site investigation, the analysis of carbon and hydrogen AKIE values and 2D isotope fractionation obtained in laboratory microcosms was carried out in order to gain deeper insights into BTEX biodegradation pathways, and to cross-check previous evaluations Vogt et al. 2008; Herrmann et al. 2009 ). Benzene biodegradation experiments were performed with various aerobic strains using monooxygenases or dioxygenases for the initial attack on benzene, a facultative anaerobic chlorate-reducer and a sulfate-reducing mixed culture . AKIE C values were calculated from the obtained isotope enrichment factors and compared with previously determined values from the literature. AKIE C were lower for benzene dihydroxylation than for monohydroxylation and anaerobic degradation, enabling discrimination between these reaction mechanisms. They also indicated that dihydroxylation was initiated by a dioxetane intermediate formation, which appears to be the ratelimiting step of the reaction. Monohydroxylation proceeded either via epoxidation or via C-H bond cleavage in different aerobic strains. Variations in Λ values confirmed that more than one reaction mechanism exists for monohydroxylation, as well as for anaerobic degradation under nitrate-reducing, sulfate-reducing, and methanogenic conditions Mancini et al. 2008b ). Thus, Λ was suitable for distinguishing benzene degradation mechanisms, and ranges of Λ values were determined for dihydroxylation (Λ<2), monohydroxylation (Λ07-9), and anaerobic degradation (Λ>17). Applying 2D CSIA, aerobic and anaerobic toluene degradation by various pure and mixed cultures has been investigated . For both AKIE C and AKIE H values, no distinct enzyme-or mechanism-dependent trends were observed. A wide range of Λ values was found for various degradation pathways and conditions, indicating the possibility to distinguish different initial toluene degradation reactions and electron acceptor conditions. Even Λ values for organisms using the same benzylsuccinate pathway varied significantly, presumably due to slightly different reaction mechanisms ). Λ ranges were more similar, and therefore mechanisms probably more closely related, among organisms using the same electron acceptor. Employing AKIE C and AKIE H values, Herrmann et al. (2009) confirmed that the cleavage of the C-H bond at the methyl moiety of xylenes was the isotope-sensitive step in the reaction sequence for cultures anaerobically degrading xylene via the benzylsuccinate pathway. Λ values ranged from 12±4 to 29± 5 and were thus in the same range as those determined for anaerobic toluene degradation, as expected for similar reaction mechanisms. Overall, these studies demonstrate the versatility of CSIA for mechanistic evaluations and point out the farreaching potential for field applications. Impacts of physical processes on biodegradation assessment
The impact of hydrogeological heterogeneities and physical processes leading to contaminant concentration decrease on biodegradation assessment at the Zeitz site was evaluated by Fischer et al. (2007 Fischer et al. ( , 2009 . They calculated benzene biodegradation in the Zeitz aquifer using the Rayleigh equation streamline approach (Fischer et al. 2007 ) (see chapter on "Dispersion, dilution, and mixing: impact of aquifer heterogeneity and open field systems"). The two scenarios, representing opposite extremes concerning the effect of a nonisotope-fractionating physical process on biodegradation quantification (strictly sequential occurrence of first biodegradation and subsequently the physical process and vice versa), yielded highly divergent results for B [%]. This indicated a considerable influence of processes other than biodegradation, presumably dilution/dispersion (Fischer et al. 2007 ). In order to verify these findings, a combined laboratory-to-field-site approach was employed, investigating carbon-and hydrogen-isotope fractionation during benzene degradation under sulfate-reducing conditions in systems with increasing complexity ): (1) batch laboratory microcosms with a benzene-degrading enrichment culture isolated from the Zeitz field site, (2) sand columns percolated with Zeitz groundwater at near in situ conditions, and (3) a transect of the Zeitz aquifer. The enrichment factors obtained varied significantly between the three systems, and were highest for the least complex batch microcosms, characterized by a stagnant water and substrate pool, and lowest for the most complex system, the aquifer transect. As the batch and column experiments were performed under similar redox and temperature conditions with similar bacterial communities (Fig. 5) , the difference in enrichment factors was attributable to a higher hydrogeological heterogeneity in the columns. In the aquifer, benzene concentrations presumably decreased due to physical processes, mainly dilution/dispersion, and due to biodegradation, as indicated by the low correlation of the Rayleigh plots obtained from the field data ). The influence of physical processes must have been significant, as carbon and hydrogen enrichment factors from the field were less than half of those from column and batch experiments. This shows that field-derived isotope enrichment factors have a limited value for evaluating biodegradation pathways and aquifer conditions (Fig. 5) . Using 2D hydrogen and carbon CSIA, nearly identical Λ values were found in all systems, demonstrating that 2D CSIA can be used to characterize and identify degradation pathways regardless of the complexity of the system.
The isotope fractionation associated with sorption in the Zeitz aquifer was investigated by Fischer et al. (2006) in their field tracer experiment to check potential impacts on biodegradation assessment with CSIA. Although the model suggested by Kopinke et al. (2005a) predicted that sorption would significantly alter the ratio of toluene-d 8 to toluene-d 5 within the migrating front of the tracer breakthrough curve (Thullner et al. 2012) , this effect was not confirmed in the field. The reason probably was that toluene was much less retarded than expected from the organic carbon content of the aquifer material (Gödeke et al. 2004 ). Thus, it may not always be appropriate to estimate retardation from organic carbon contents, since different organic materials show different sorptive characteristics (Grathwohl 1990 ). In addition, sorption to mineral surfaces may also become relevant at organic carbon contents below 1% (Fetter 1999) . Summary: field applicability of CSIA CSIA is a powerful tool to prove, characterize, and quantify in situ contaminant biodegradation in aquifers. However, several important issues need to be carefully considered by the practical user:
& The assessment and characterization of contaminant biodegradation in complex field environments should not be undertaken by applying CSIA alone. The additional evaluation of historical, hydrogeological, hydrogeochemical, and molecular biological information, serving as multiple lines of evidence to cross-check the plausibility of obtained results, provides an overall context for sound interpretation of isotope data. & The application of CSIA for biodegradation quantification in the field is subject to uncertainty, due to the multitude of factors impacting observed isotope fractionation, and the complexity of biological transformation in field environments. Therefore, it is important always to ensure a conservative assessment of the in situ biodegradation degree, determining the minimum amount of contaminant that has been degraded. This is achieved by applying the isotope enrichment factor exhibiting the largest isotope fractionation for the determined biodegradation pathway and degradation conditions. The application of 2D CSIA, and molecular-biological methods for the identification of dominant degraders, help to refine the choice of isotope enrichment factors. Furthermore, if several source zones exist, the most positive source isotope signature should be chosen for conservative calculation of B [%]. This is particularly critical when dealing with relatively small changes in isotope ratios. & The validity of changes in isotope ratios observed in the field has to be ensured (isotope shifts of >2‰ for carbon and >20‰ to 40‰ for hydrogen provide a proof of in situ biodegradation). A higher uncertainty is connected with small isotope shifts, which may give indications for in situ biodegradation, but have to be interpreted in context with other lines of evidence. Large isotope shifts can often invariably be ascribed to biodegradation. It should be noted that a minor extent of biodegradation (<20-50% of the total contaminant load, depending on the compound) may not be detectable using CSIA. Moreover, the dissolution of pollutants from NAPLs may lead to an underestimation of biodegradation near source zones. & When applying CSIA at a field site, the potential impact of physical processes and biological factors on biodegradation assessment for the specific site conditions and contaminants needs to be carefully evaluated. Concerning isotope-fractionating and non-isotope-fractionating physical processes, additional site information and contaminant characteristics should be consulted in order to clarify whether a process is likely to significantly impact the contaminant, and therefore the interpretation of field isotope data. Considerable impacts of such processes on observed isotope fractionation can often be ruled out, or a conservative assessment can be ensured (such as for limited bioavailability and aquifer heterogeneity). If the site conditions and/or characteristics of the contaminant indeed indicate a potentially relevant impact, the isotope data obtained must be read in context with additional lines of evidence. Care must be taken in particular for processes that may lead to overestimation of biodegradation, such as sorption, volatilization/diffusion, and removal of contaminants from specific flow paths by dispersion/dilution.
